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Abstract
In order to regulate the unrestricted use of ecosystem services (ESS), there have been attempts
to put a monetary value on ecosystem services. Setting a price is difficult because ecosystems
are multifunctional, because their function does not scale linearly with area, and because the
economic value of their services depends on their regional context.
To address these issues, I propose an ESS measure based on five premises. 1. The ESS
measure must be independent from economic and political considerations and solely defined
by ecological parameters to be globally applicable. 2. It must be practical enough to be
determined within the planning time of human impacts. 3. It must be applicable to all
ecosystems. 4. It must provide a quantitative base for economic valuation. 5. The economic
value must reflect all potential ecosystem services and be contingent on the economic and
political settings.
Therefore, I suggest a species-neutral, quantitative 'ecosystem service capacity' separate from
economic valuation as the product of four core ecosystem properties: biomass, productivity,
species diversity, and structural diversity (diversity of the ratios of herbaceous and woody
biomass to total biomass). These properties represent singly or in combination the potential
provision of structural biomass, consumable biomass, habitat, regulation services, and
aesthetic values. Each property can be determined easily at the local scale for detailed
planning or estimated by remote sensing and expert knowledge at the regional scale for
landscape assessments. As a concession to practicability, the four core properties are
restricted to the aboveground parts of vascular plants. For linear scaling, the square root over
biomass and productivity is used for calculating the ecosystem service capacity. For the
assessment of the ecosystem service capacity of an area comprising several ecosystems, one
sums their individual values.
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In this paper I present the response of the value to changes in land use, urbanization, and
eutrophication at the landscape scale. In addition I outline a benefit transfer method for
pricing the ecosystem service capacity.
Key words: ecosystem services, ecological valuation, indicator, economic value, ecosystem
service capacity

Introduction
For a long time humans have relied on the free services of ecosystems for their food, clothing,
and housing (Tallis and Kareiva 2005). With regionally and globally increasing populations,
humans are faced with the situation that unrestricted use of ecosystem services is not
sustainable. This has led authorities ranging from local to international levels to regulate the
use of ecosystem services. Most regulations are directed at industrial users because the use of
free resources and services is an economical advantage that in typically short-sighted
economic competition leads to overexploitation of these services (Wunder et al. 2008).
The most successful regulation in an economical world seems to be the limitation of access to
ecosystem services to avoid the dilemma of the commons and setting of prices for their use.
Setting a monetary price, however, is difficult because ecosystems are multifunctional and
because the monetary value of their services depends on region (e.g. flood protection is not
needed in hilly terrain). In addition, the long-term economic value of ecosystem services
depends on the long-term stability of an ecosystem to provide sustainable use or benefit of the
services. That means that a greater, short-term maximal economic benefit must be eschewed
to maintain a productive ecosystem in the long term.
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For planning purposes, impacts on ecosystems are usually assessed by dynamic, static, or
conceptual models (e.g. Nelson et al. 2009). Many models and indices describe various
ecosystem services and functions but often they cannot be combined quantitatively because
they lack a common denominator to assess the total performance of ecosystems. A review of
the main economic ecosystem valuation methods (production function analysis, replacement
cost, travel cost method, hedonic pricing, contingent valuation; Chee 2004) showed that they
do not take into account the non-linearities of ecosystem processes nor processes and
components contributing to ecosystem resilience. For using ecological knowledge in land-use
decisions an ecological indicator must reflect trade-offs and feedbacks between ecology and
economy and quantify 'the full suite' of ecosystem responses to land-use change (DeFries et
al. 2004).
In order to address the multi-functionality of ecosystems, trade-offs among different
ecosystem services, the context-dependency of economic valuation of ecosystem services, and
the resilience of ecosystem services, I propose a two-part valuation based on five premises. 1.
The measure of ecosystem services must be separate from the economic and political context
and solely defined by ecological parameters to be globally applicable. 2. The measure must be
practical enough to be determined within the planning time of human impacts. 3. It must be
applicable to all ecosystems. 4. It must provide a quantitative base for economic valuation. 5.
The economic value must reflect all potential ecosystem services and be contingent on the
economic and political settings.
In this paper I will introduce the measure of 'ecosystem value' that meets these conditions, can
be applied to all types of land uses, and provides the base for an added economic valuation. I
apply the ecosystem service capacity to a model landscape and assess the repsonse of the
value to changes in land use, urbanization, and eutrophication at the landscape scale. In
addition, I will outline a benefit transfer method for pricing the ecosystem service capacity.
4

Rationale
The Millenium Asessment defines four classes of ecosystem 'services' and 'functions':
provisioning services (e.g. food and fiber production), regulating services (e.g. water
infiltration), cultural services (e.g. recreation), and ecosystem functions directly necessary for
the existence of ecosystem (e.g. nitrogen fixation). Ecosystem services are anthropocentric by
definition and context dependent. The temporal and regional context defines not only the
economic value of a service but also whether a certain ecosystem product is used at all. For
example, in most parts of western Europe forests are no longer used as pasture for cattle or
pigs, whereas forest pastures are an important resource in other parts of Europe. In order to
achieve a more generally applicable concept it is not only necessary to decouple the economic
valuation from ecosystem services but also to introduce a species-neutral concept. This means
that the proposed ecosystem service capacity focuses on what ecosystems could provide in
principle and disregards species identity. This is most intuitive for provisioning services,
therefore I will use them as an introductory example.
Services related to biomass
Humans use wood primarily as fuel and as construction material. In principle, any kind of
wood could be used for these purposes, therefore, I disregard species identity for the moment.
The amount of wood that could principally be used (wood-based services) is directly
proportional to the total biomass of the ecosystem comprising shrubs or trees. Humans use the
herbaceous parts of plants as food and as source material for fibres and chemical compounds
(pharmaceuticals, dies, etc.). Again, the amount of potentially usable herbaceous material
(leaf-based services) is proportional to the productivity of the ecosystem, ignoring preferences
for certain species. Humans enjoy ecosystem services also through the ecosystem's animal
component. The amount of animals supported by the ecosystem is also directly proportional
to its productivity because carnivores prey on herbivores that eat mostly the herbaceous parts.
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In this way most provisional services are proportional to ecosystem biomass or ecosystem
productivity or both.
Services related to biodiversity
Commonly, wood from certain tree species is used for specific purposes like construction or
carving or burning. Similarly, certain plant species are preferred for specific purposes, to
extract pharmaceutical substances, as fiber, as vegetable, for insulation. Obviously, the greater
the number of plant species in the ecosystem, the greater the chance that it contains useful
species. In general, species richness has a positive effect on ecosystem services (Balvanera et
al. 2006). However, not all species contribute equally to ecosystem services and functions
(Hillebrand et al. 2008) and incorporating all species into an ecosystem service capacity
would give undue weight to species that may be represented by only a few individuals.
Therefore, I suggest using the biodiversity of species, that is, the number of species weighted
by their abundance, in calculating the ecosystem service capacity. Biodiversity is defined here
as the Shannon diversity exp[-∑(loge pi · pi)] with pi the abundance of the ith species. Note
that this is not the Shannon index of diversity but the 'effective species number' or 'Hill
number' (Jost 2006) that expresses the diversity of a community as the number of species in a
community with uniform species abundance. I use the Shannon diversity because it puts a
moderate weight on abundant species and represents most communities best (Jost 2006). The
richness of other taxa is often related to that of vascular plants, at least at the ecosystem scale
(Wolters et al. 2006, Xu et al. 2008, Schouten et al. 2009). Therefore, I propose that it suffices
to consider plant richness at the community and greater scales to indicate overall species
diversity. This will be addressed in greater detail below.
Biodiversity of plants is conventionally based on cover as a measure of abundance and often
restricted to herbaceous plants. For the ecosystem service capacity I suggest using biomass as
a measure of abundance. This avoids the issue of how to measure the abundance of species in
6

ecosystems with many layers and epiphytes, e.g., in tropical forests. In "flat" ecosystems like
grasslands cover may still be used as a proxy because it is correlated to mass (Chiarucci et al.
1999). Woody and herbaceous species are usually not considered together in calculations of
biodiversity. The reason is that in forests, a typical case, a few tree species with great
abundance contrast with many herbaceous species with much less abundance so that the
diversity is strongly influenced by the tree diversity. For the ecosystem service capacity, this
is desirable because the functions and products of the trees are the primary service of forests.
Services related to ecosystem structure
Trees obviously provide mostly wood-based services; grasses and forbs mostly leaf-based
services. Whether an ecosystem provides more wood-based services or leaf-based services
evidently depends on the growth forms of the plant species the ecosystem contains. The
distribution of growth forms in an ecosystem may be called its structure. A diverse ecosystem
structure is not only correlated with plant species diversity but is also often necessary for high
animal diversity (Grgič and Kos 2004, Ishii et al. 2004, Tews et al. 2004). A diverse
ecosystem structure is also important for 'regulating services' like storm protection, air
filtering, and water filtering. To account for this structural diversity I calculate the Shannon
diversity based on two components, the ratio of herbaceous mass to total mass (hm/tm), and
the ratio of woody mass to total mass (wm/tm) as exp(loge(hm/tm)·hm/tm +
loge(wm/tm)·wm/tm). This expresses the structural diversity of a community in comparison to
a community where woody and herbaceous mass is distributed equally. A value of 2 indicates
that the ecosystem contains as much herbaceous as woody biomass, whereas a value of 1
indicates that only one component is present.
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Other services
Similar to benefits obtained by provisioning services, benefits obtained by regulating services,
cultural services, and ecosystem functions are usually proportional to biomass, productivity,
biodiversity or structural diversity, singly or in combination (Fig. 1). For example, the storm
barrier function and air filtering function of trees is related to their biomass (tall trees, many
branches) and structural diversity (many leaves to fill the gaps between branches). The water
filtration function of vegetation is related to its belowground biomass, which is related to its
aboveground biomass contingent on its structural diversity. The cycling of nutrients and
formation of soil is strongly related to ecosystem productivity. Our esthetic feeling is
generally greatest when we perceive high biodiversity. Most people also like a green
landscape (often related to high productivity) with a mix of forests and grassland (high
structural diversity). In a similar way the benefit of most services can be correlated to
biomass, productivity, diversity, or structure.
Defining the ecosystem service capacity
The four components of the ecosystem service capacity –biomass, primary productivity,
biodiversity, and structural diversity– seem to be the smallest reasonable number to describe
the services of ecosystems. Using the four components, one can calculate the ecosystem
service capacity of one ecosystem. The components are multiplied to express that each
component increases the ecosystem service capacity (ESC) of an ecosystem, that is, its
potential usefulness. In order to make the value spatially additive, I use the square root of the
product of biomass times productivity in the calculation so that
ESC= biomass " productivity " species diversity " structural diversity . The units of

ecosystem service capacity are kg · species. The ecosystem service capacity can be principally
!

measured for any ecosystem (with accuracy depending only on method). Ideally, ecosystem
service capacity would be based on the aboveground and belowground part of all plants and
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the biodiversity of all species. This, however, is not practical due to the great number of
species (May 1988), difficulties in detecting and identifying them. As a concession to
practicability, the four core properties refer to the aboveground parts of vascular plants. Mass
and productivity of belowground parts of plants are usually correlated with aboveground
productivity in forests (Raich and Nadelhoffer 1989, Garnier 1991, Cairns et al. 1997) and in
herbaceous communities (Garnier 1991). Vascular plant species are generally well known,
identifiable, and countable, making them the key indicator of biodiversity. Diversity of other
taxa is related to plant productivity or structure (Naveh and Whittaker 1980, Puerto et al.
1990). Furthermore, the diversity of many soil micro-organisms is often proportional to the
primary productivity (Hooper et al. 2000, van der Heijden et al. 2008). Other plant taxa
(mosses, lichens, ferns) may dominate in particular ecosystems and may be included in these
cases. Their inclusion in the ecosystem service capacity must be pointed out to prevent
comparisons with ecosystem service capacity values based on only vascular plants.
The ecosystem service capacity can also be calculated for non-pristine ecosystems including
agricultural land (fields, meadows, pastures), cities, and even industrial sites. This allows
calculating the total ecosystem service capacity of a landscape or region consisting of several
ecosystems or land use types by simply adding all values. The ecosystem service capacity of a
landscape is comprehensive because is incorporates all land use types and takes a unique
ecological perspective. The total value could be used to a measure of the effects on
ecosystems at the landscape scale, e.g. the effect of urban sprawl, eutrophication, or land use
change. I will do this in the next section to show the application of the concept.

Application examples
In order to provide examples of how the ecosystem service capacity could be applied to
landscapes, I created a model central European landscape. First I will show how the
9

ecosystem service capacity of this landscape can be determined based on published and
estimated parameters. Then I will explore how the ecosystem service capacity changes at the
landscape scale after changes in land use, biodiversity, and eutrophication.
The reference model landscape comprises natural grasslands (2%), meadows (3%), pastures
(6%), deciduous forests (16%), grain fields (59%), wood crop plantations (3%), villages (3%),
and a city (8%) for a total area of 300 km2 (Fig. 2). I used average values from the literature
(Ellenberg 1986, García 1992, Larcher 1994) to set the biomass and productivity per ha of
each land use type (Table 1). The annual biomass of wheat fields is set to one quarter of peak
biomass to account for times when the fields lie fallow or the plants are small. For cities I
assumed that 20% of the area is vegetated (Fuller and Gaston), whereof 10% (parks, kerb
trees) correspond to forests and 10% (gardens, lawns) correspond to meadows. For villages I
assumed that 10% of the area is vegetated, whereof 3% (trees) correspond to forest, and 7%
(gardens, lawns) correspond to meadows. Species diversity (effective species number) scales
with area according to exp(H') = exp(H0 (1–(AH/(A+AH))k)) (Jenssen 2007), where H0 is the
asymptotic maximal Shannon diversity index of a community and AH and k are fitted
constants. For grasslands I determined H0, AH, and k from the cover of species in the
'meadow' habitat in an agricultural landscape (Köchy and Rydin 1997). For meadows I used
as H0 value the diversity of meadows in southern Sweden (Linusson et al. 1998) and for
pastures I used as H0 values the diversity of pastures in northern Spain (Fraga et al. 2002). I
estimated H0 for the other land use types based on estimated mass frequency distributions
including trees, crops, lawns, ornamental plants, and spontaneous vegetation in forests,
plantations, fields, villages, and cities. AH was set to 0.0001 and k to 0.5 as median values
from four vegetation types (Köchy and Rydin 1997, Jenssen 2007). I ignored spatial effects
due to isolation, size, metapopulation dynamics, and migration that affect biodiversity
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(Gardner and Engelhardt 2008). Structural diversity was calculated from estimates of relative
proportions of herbaceous to woody biomass.
Scenarios
1. Pasture C (600 ha, 2% of the total area) is ploughed and turned into a wheat field. The
ecosystem service capacity of the pasture decreases from 119 to 11 Gg·species, the total ESC
of the landscape decreases by 5%.
2. Field C (600 ha) is turned into a short rotation woody crop plantation. The ecosystem
service capacity of the field increases from 11 to 19 Gg·species, the landscape ESC increases
by 0.4%. If the plantation used intercropping with herbaceous crops, the ecosystem service
capacity would increase much more, to 27 Gg·species, due to greater species and structural
diversity despite lower total yield. This outcome agrees with empirical findings that
agroforestry has greater structural diversity, higher ecosystem service capacity, and conserves
soil organic matter better than either plantations or fields (Martius et al. 2001).
3. Urbanization (600 ha). Agricultural villages A, C, D, F expand into meadows A, B, C, E.
The landscape ESC decreases by 3%.
4. Biodiversity protection according to the German field margin programme. All field owners
refrain from using herbicides along the edges (2 m width) of their fields to increase the
diversity of wild plants and are financially compensated for the lower productivity. Crop
production in the margin is reduced by 10% (Heitefuß 1995), weed diversity increases to 0.27
(Derksen et al. 1995). The lower crop production is balanced by a higher biodiversity so that
the landscape ESC remains the same.
5. Biodiversity loss by Tidy Village Competitions. The expanded villages of scenario 3 are
kept tidy, weeds are removed, gravel streets and open spaces are paved so that growing space
is reduced to 5%, 50 rare species disappear (based on Hansen et al. 2005). The remaining
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species distribution becomes more even. This measure decreases the maximal diversity from
12.2 to 11.0 and reduces the landscape ESC by additionally 4% to 93%.
6. Eutrophication. Moderate nitrogen deposition from the atmosphere increases the biomass
and productivity of grasslands by 10%, meadows, pastures, forests, villages, and cities by 5%.
Fields and plantations are not N-limited and do not respond to atmospheric deposition. Due
to competitive exclusion 10% of the rarest species in grasslands are lost and the frequency
distribution of the remaining species becomes more homogenous (Bobbink et al. 1998). This
increases the maximal diversity from 47.5 to 54.9 species, the ESC of all grasslands by nearly
25%, and the landscape ESC by 4.9%.

Discussion
The application of the ecosystem service capacity in the examples meets our expectations of
how an ecological indicator should reflect common changes in the landscape. Changes that
increase the human impact on ecosystems (tilling of pastures, urban sprawl) reduced the
ecosystem service capacity. The numeric effect (3–5%) was greater than the affected area
(2%). Incentives offered to farmers for protecting field margin biodiversity had an overall
neutral effect. Widening the protective margin would not increase the ecosystem service
capacity. The effects of field size and the margin to area ratio on ecosystem service capacity
are negligible, too. Only if the vegetation in the protected margin had a much greater diversity
(>0.5) an effect would be noticeable. This suggests that the field margin programme is not
suited for increasing the ecosystem service capacity at the landscape scale. Eutrophication had
a positive effect on the ecosystem service capacity because it increased productivity and
homogenized species distribution. The homogenization overwhelmed the effect of species
loss in the example. This is a consequence of using the 'effective' number of species
(diversity) and not the absolute number of species. From the point of ecosystem services and
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function not all species are necessary to maintain ecosystem functionality (Hart et al. 2001).
At higher levels of eutrophication more species may be outcompeted and diversity reduced
(Mittelbach et al. 2001) which may decrease the ecosystem service capacity. Thus, the
ecosystem service capacity reflects the tradeoff between conserving species number and
maintaining ecosystem services.
For a meaningful characterization of an ecosystem for planning purposes, the ecosystem
service capacity should not reflect seasonal or short-term annual variation. For example,
aboveground plant biomass varies seasonally and may be reduced by disturbances including
harvesting and grazing. This concerns primarily land use types with a high portion of
deciduous herbaceous tissue (grasslands, meadows, pastures, fields). In order for the
ecosystem service capacity to reflect the ecosystem's capacity to render services with the
biomass in place it seems necessary to use the average biomass within a year in the
calculation. At greater spatial and temporal extents temporal variation also concerns woody
plantations and forests where the biomass is harvested periodically by clear cutting. Here it
seems necessary to use the average biomass across years to calculate the ecosystem service
capacity.
I proposed to calculate biodiversity based on the aboveground mass of plant species. This
attributes great importance to tree services. An alternative may be to use only the herbaceous
mass. This reduces the importance of trees to the advantage of services by herbaceous plants
and affects the ecosystem service capacity of forests and plantations, and to a lesser extent
that of villages, and cities. For the forests in the model landscape (Table 1), biodiversity
would increase from 2.7 to 7.0 and make this land use type the ecosystemically most valuable
(per hectare) of the types included in model landscape. Which of the alternatives is linked
more strongly to ecosystem services remains to be explored.
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The ecosystem service capacity by itself is not a measure of long-term sustainable use of an
ecosystem but it can be used to summarize trends. For example, the continuous removal of
biomass by logging, grazing, or harvesting reduces the input of litter and thus nutrients into
the soil. This has long-term effects on biomass and productivity (Hunter and Schuck 2002).
An ecosystem service capacity based on projected future conditions therefore would be lower
than the present ecosystem service capacity and indicate non-sustainable use. The projection
of future ecosystem service capacity requires application of ecological expertise to project the
values of biomass, productivity, biodiversity, and structure but would not change the metric
on which decisions are based.
Economic value
The economic value of ecosystem services is very context dependent and subject to political
considerations (Farber et al. 2002). Therefore several approaches are meaningful and
compatible with the ecosystem service capacity. One approach is to determine the substitution
cost of ecosystem services and functions by abiotic, technical implementations. Although the
approach is comprehensive regarding physical services and functions (excluding cultural
services), it is still dependent on technological progress and local costs of technological
alternatives. At the regional scale and with a shorter temporal perspective a benefit transfer
approach (Plummer 2009) based on the ecosystem service capacity may be more appropriate.
This entails the benefit transfer of the same land-use category with a similar ecosystem
service capacity within a region. The result is a 'price tag' for each land use type
(Roughgarden 2001). The benefit transfer approach is sensitive to regional economy and
prices. It can be used for strategic landscape development that involves tradeoff decisions
among land uses. It does not replace formal environmental risk assessments at specific
locations according to local standards.
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Land use planning
The intended use of the ecosystem service capacity is in land use planning (Fig. 3). Targets of
landscape planning might be the increase of the ecosystem service capacity, the increase of
the economic value without letting the ecosystem service capacity drop below a certain
threshold, deciding which of a range of options maximizes ecosystemic and economic value,
etc.. Since the economic value of an ecosystem depends on the ecosystem service capacity,
the ecological consequences of economy-focused land use changes become clear immediately
(provided the necessary data are available). Planners may also take a long-term perspective
and include the future consequences of land use change in their decision. The assessment of
long-term trends of biomass, productivity, biodiversity, and structure requires the expertise of
ecologists, but the projected ecosystem service capacity can be calculated from these trends
and provides the planner with a metric as a base for decision.
Conclusion
The proposed ecosystem service capacity summarizes the capacity of an ecosystem to provide
services to humans. By separating ecologic from economic valuation the ecosystem service
capacity can be based on measurable ecosystem properties. This allows calculating an
ecosystem service capacity for projected ecosystem properties for scenarios of, e.g., climate
change, land use change, and disturbances separate from economic valuation. In addition,
potential tradeoffs between eological and economic value become evident by using two
separate indicators. Thus, the ecosystem service capacity can be used in landscape planning or
retrospectively for a comprehensive description of ecosystem service capacity. More research
is planned to define details of the definition of the value components, establish a data base of
values for the components of the ecosystem service capacity and the economic benefit
transfer, and to apply the ecosystem service capacity concept to a real landscape.
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Figure legends
Fig. 1. Relationship between ecosystem functions and services listed in the Millennium
Assessment (2005) and the four components of ecosystem service capacity.
Fig. 2. Example of a landscape with different land use units. The total ecosystem service
capacity of this landscape is 2195 Mg · species. This landscape was used in the scenarios.
Fig. 3. Use of the ecosystem service capacity and economic value for decisions in land use
planning, e.g. 'will a specific land use change to increase the economic value of the area
decrease the ecosystem service capacity below a legal threshold?'
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Table
Table 1. Description of the land use types used in Fig. 1 and the scenarios.
land use

area

biomass productivity max. diversity

ha

kg/ha

kg ha-1 yr-1

exp(H0)

structural ecosystem service
diversity capacity
Mg · species

grassland

500

6600

6000 47.5

1.00

149

800

3000

20000 27.1

1.00

168

1700

4000

30000 18.2

1.00

339

4700

324000

12000 2.7

1.15

914

17800

7500

25000 1.3

1.00

316

1000

12100

11000 1.5

1.84

31

1000

9930

1760 12.2

1.84

94

cities

2500

32700

3200 3.7

1.96

184

total

30000

(dry)
meadows
(hay)
pastures
(cattle)
forests
(decid.)
fields
(wheat)
plantations
(aspen)
villages
(agricultural)

2195
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Fig. 1. Relationship between ecosystem functions and services listed in the Millennium
Assessment (2005) and the four components of ecosystem service capacity.
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Fig. 2. Example of a landscape with different land use units. The total ecosystem service
capacity of this landscape is 2195 Mg · species. This landscape was used in the scenarios.
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Fig. 3. Use of the ecosystem service capacity and economic value for decisions in land use
planning, e.g. 'will a specific land use change to increase the economic value of the area
decrease the ecosystem service capacity below a legal threshold?'
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